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a b s t r a c t

The Delaware Bay ecosystem has been the focus of extensive habitat restoration efforts to offset fin-
fish losses due to mortality associated with power plant water intake. As a result, a 45 km2 or a 3%
increase in total marsh area was achieved by 1996–1997 through the restoration efforts of the Public
Service Enterprise Group (PSEG). To quantify the impact of restoration efforts on system productivity,
an Ecopath with Ecosim model was constructed that represented all major components of the ecosys-
tem. The model consisted of 47 functional groups including: 27 fish species, 5 invertebrate groups, 4
multi-species benthic groups, 6 multi-species fish groups, 3 plankton groups, 1 shorebird group and 1
marine mammal group. Biomass, abundance, catch, and demographic data were obtained from the lit-
erature or from individual stock assessments conducted for principal ecosystem components. A base
Ecosim model was fitted to time series of key species in the Bay representing the period 1966–2003.
To access the gains from marsh restoration, model simulations reflecting no restoration were con-
ducted to estimate the productivity that would have been lost if restoration efforts had not occurred.
The results indicated that restoration increased total ecosystem biomass by 47.7 t km−2 year−1. Simu-
lations indicated increased biomasses across a wide range of species including important forage and
commercially important species. The marsh restoration also significantly impacted ecosystem structure
increasing the ratio of production-to-respiration, increasing system path length and decreasing the ratio
of production-to-biomass.

© 2010 Elsevier B.V. All rights reserved.

1. Introduction

Estuaries are ecologically and economically important features
of the coastal landscape. They represent focal regions of produc-
tion supported by the flow of river-borne nutrients into estuarine
waters and the exchange of production with the coastal ocean. The
reliability of estuarine production has meant that they serve as
important nursery areas for many invertebrates and fishes. They
also serve as important feeding grounds and migratory rest areas
for birds and waterfowl. However, coupled with their close proxim-
ity to sources of human activity, these features, also make estuaries
susceptible to anthropogenically driven changes, such as the alter-
ation of shorelines (Seitz et al., 2006), eutrophication (Nixon, 1995;
Smith et al., 2003; Kemp et al., 2005), depletion of bottom-water
oxygen (Kemp et al., 2005; Diaz and Rosenberg, 2008; Breitburg
et al., 2009), introduction of non-native species (Ruiz et al., 1997)
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and over-exploitation of natural resources (Rothschild et al., 1994;
Jackson et al., 2001).

The alteration and loss of shoreline estuarine habitats has been
a prevalent issue in many estuaries (Rice, 2006; Seitz et al., 2006;
McHorney and Neill, 2007; Bilkovic and Roggero, 2008). Specif-
ically, habitats can be permanently lost as a result of shoreline
development and hardening. Agricultural practices which alter
riparian borders can destabilize shorelines and alter patterns of
run-off and nutrient loading. Recognition of the impacts of habitat
loss has generated interest in the restoration of estuarine habitats
(Kennish, 2000). The spatial scale of restoration efforts has var-
ied widely: at the smallest restoration scales are community-based
shoreline clean-up programs, at intermediate scales are efforts to
recreate specific habitats (Hinckle and Mitsch, 2005; Shin, 2007),
and at larger scales are efforts to remediate entire estuaries (e.g.,
Baltic Sea – Kohn, 1998 and Chesapeake Bay – Kemp et al., 2005).
However, the effectiveness of many of these programs remains
unclear. Here, we report on an approach to quantify the benefits
of shoreline restoration projects in the Delaware Bay that have
been conducted to remediate against the loss of finfish produc-
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tion associated with the intake of water to cool a large power
plant.

The Delaware Bay is one of a series of important estuarine sys-
tems on the Atlantic seaboard of North America. The bay serves
as the boundary between the states of Delaware and New Jer-
sey (Fig. 1) and is approximately 2000 km2. Like the majority of
mid-Atlantic estuaries, the Delaware Bay supports a diverse flora
and fauna (Dove and Nyman, 1995). Extensive fringing marshes of
cordgrass (Spartina sp.) in brackish regions and riparian zones of
freshwater tributaries provide important habitats for a variety of
invertebrate and vertebrate species. Secondary production of ben-
thic invertebrates in Delaware Bay (P = 46,572 mg AFDW m2 year−1;
Maurer et al., 1992) is similar to that reported in other estuaries
and is higher than that in the neighboring coastal regions. Numer-
ous shorebirds (including the red knot, Calidris canutus, ruddy
turnstone, Arenaria interpres, least sandpiper, Calidris minutilla,
semipalmated sandpiper, Calidris pusilla, and sanderling, Calidris
alba) use the bay as a refuge and for acquisition of energetic
resources to support their annual migrations to wintering and nest-
ing grounds (Tsipoura and Burger, 1999). The bay serves as a vital
spawning ground for many species of fishes including weakfish,
Cynoscion regalis, and striped bass, Morone saxatilis. In addition, the
bay provides nursery grounds for many additional species includ-
ing bluefish, Pomatomus saltatrix, and Atlantic menhaden (hereafter
menhaden), Brevoortia tyrannus.

Power plants have used the waters of the Delaware Bay for
cooling since 1977. The intake of huge volumes of water, and the
associated impingement of fishes on filter screens, causes mortality
to fish populations utilizing the bay. Since 1994, the Public Ser-
vice Electric and Gas of New Jersey (PSE&G), now the Public Service
Enterprise Group (PSEG), has been involved in preservation and
restoration of marsh habitat in Delaware Bay as a means to off-

Fig. 1. Map of the Delaware Bay where shaded circles indicate restoration areas,
scale represents depth in meters and dashed lines represent approximent model
boundaries.

set the mortality caused by cooling water intake (Balletto et al.,
2005; Hinckle and Mitsch, 2005). These restoration efforts alone
have resulted in creation of 45.5 km2 of wetland habitat, and thus, a
3% increase in the area of marsh habitat in the Delaware Bay ecosys-
tem. The effects of this restoration effort have been assessed in a
series of field studies conducted at the restoration sites. Kimball
and Able (2007) reported that the nektonic assemblage on restored
and undisturbed marshes were similar. Nemerson and Able (2005)
found that juvenile fishes of the sciaenid family responded posi-
tively to the newly created wetland. Jivoff and Able (2003) reported
that the new marshes may provide enhanced growth for blue crab,
Callinectes sapidus. Focusing on the overall community, Able et al.
(2008) reported that use of newly restored marsh was rapid, and
relied on ease of access to a newly created habitat rather than on
the specific floral and geomorphological characteristics of the habi-
tat. However, these studies focus on diets, growth, production and
patterns of use of individual species, or groups of species in the
habitats themselves. What is missing is an assessment of the impact
of restoration efforts on production in the broader ecosystem.

To evaluate the ecosystem level effects of the marsh restoration
efforts, we developed a model to quantify the standing stocks and
energy flows between the principal components of the Delaware
Bay ecosystem. One possible approach would be to conduct a net-
work analysis of the Delaware Bay (e.g., Baird and Ulanowicz,
1989). However, this approach assumes steady state conditions and
may not be appropriate for a recently restored system. Instead,
we developed a dynamic model of the bay’s ecosystem which
allowed us to estimate the temporal dynamics of production. For
this application, we used Ecopath with Ecosim (EwE; Pauly et al.,
2000), which has been frequently used to assess the structure and
function of marine and estuarine ecosystems (Christensen et al.,
2009), but to date, has not been used to evaluate the impacts
of restoration efforts. EwE includes two main components: (1) a
mass-balanced representation of the ecosystem network (Ecopath),
and (2) a dynamic simulation model for evaluating fluctuations
in biomass over time in response to changes in fishing policies,
productivity and trophic interactions (Ecosim). Ecopath provides a
static estimate of the state of the ecosystem during some initial ref-
erence period. Thus, Ecopath serves as a starting point for Ecosim
and many of the Ecopath parameters are used to derive parameters
that govern the dynamic ecosystem changes as a result of natural
or anthropogenic factors.

Here we summarize this modeling effort by describing the
underlying data and results of an EwE model of Delaware Bay,
developed specifically to quantify the impact of marsh restoration
on ecosystem production. For the purpose of this analysis, we define
the model domain as that region of the Delaware Bay from the
Chesapeake & Delaware Canal (C&D Canal) southward to the mouth
of the Bay. However, ecological systems do not have abrupt borders,
so these boundaries are an approximation. Where possible, we have
aggregated biological and time series information for each model
group within this region. Below, we provide a brief introduction
to EwE and describe approaches to estimating individual parame-
ters of the network and of the dynamic components of the model.
Then, we describe the simulations conducted to assess the contri-
bution of the restored habitat to changes in ecosystem dynamics.
Any increase in production resulting from habitat alteration in
Delaware Bay should be reflected in biomass indices for species in
the ecosystem. As the restoration efforts have been completed, an
ecosystem model of Delaware Bay should reflect biomass changes
in the ecosystem for all associated trophic levels in the bay’s food
web induced by the increase in marsh habitat. Counter-intuitively,
modification of the base Ecosim model structure is not needed to
include marsh restoration effects. Rather, to capture changes in
total system biomass that resulted from marsh restoration effects,
the Ecosim model was run assuming a 3% decrease in marsh habitat
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productivity from 1996 to 2003 (i.e., “non-restoration simulation”).
This provides a measure of the production that would not have been
realized if restoration efforts had not taken place. Results of addi-
tional simulations reflecting uncertainty in the total area restored
are also presented.

2. Methods

The general structure and approach of EwE has been described
in detail by Christensen and Pauly (1992), Walters et al. (1997), and
Pauly et al. (2000), and is only summarized here. The first step in the
modeling process is to develop a mass-balanced Ecopath network
of trophically linked biomass pools. The biomass pools generally
consist of either a single species or a group of species representing
an ecological guild. Biomass pools are created for all major com-
ponents of the ecosystem, including detritus and those at lower
trophic levels such as plankton and invertebrates. When necessary
each biomass pool can be split into life-history stanzas to represent
different ecologically important life-history stages and ontogenetic
dietary shifts (for example: larvae, juvenile and adults of any given
species are likely to consume very different resources within an
ecosystem). The central equation governing the standing stock and
flows into and out of each pool can be written as:

Bi

(
P

B

)
i
EEi = BAi + Ei + Yi +

n∑
j=1

Bj

(
Q

B

)
j
DCji, (1)

where subscripts refer to different trophic groups, with i being the
focal group and j referring to its predators. In Eq. (1), B is biomass,
(P:B) is the production-to-biomass ratio, which is equivalent to
the total mortality rate in most instances (Allen, 1973), EE is the
ecotrophic efficiency, or the fraction of the total mortality that is
utilized within the modeled system, BA is the biomass accumula-
tion rate, E is the net migration rate (emigration–immigration), Y is
the fisheries catch; (Q:B) is the consumption-to-biomass ratio, and
DC is the average fraction (typically by weight) of prey in the diet.

Initial parameter estimates of standing stocks and flows often
result in an unbalanced network. Thus, an important step is bal-
ancing the network such that there is no spontaneous creation of
matter. This is ensured when all EEi values are ≤1. To balance our
model, a systematic process of adjusting various input values was
carried out to ensure all EEi values were ≤1. Input values that are
suspected to have the greatest uncertainty were adjusted first.

The next step involved developing a time-dynamic simula-
tion model, Ecosim, that re-expresses the static mass-balanced
equations inherent to Ecopath as a system of coupled differential
equations (Walters et al., 1997, 2000). In the modeling framework,
Ecopath represents the initial states for Ecosim and is also used
to derive parameters that determine overall growth efficiencies
and predator–prey functional responses based on additional user-
specified parameters in Ecosim. This system of equations is used to
represent the spatially aggregated dynamics of entire ecosystems,
and is combined with delay-difference age/size-structured equa-
tions for model groups that have complex life histories and selective
harvesting of older animals (multi-stanza groups). Ecosim uses
coupled differential equations to link a series of linear equations
representing production for each group with the following equa-
tion (Walters et al., 1997, 2000; Christensen and Walters, 2004):

dBi

dt
= gi

n∑
j=1

cji −
n∑

j=1

cij + Ii − (Mi + Fi + ei)Bi (2)

where subscripts are as before and g is growth efficiency, cji is the
consumption of biomass pool i, cij is the consumption by biomass
pool i, I is the rate of immigration, M is the instantaneous natural
mortality, F is the instantaneous fishing mortality, e is the rate of

emigration. Together, Eq. (2) and the underlying delay-difference
equations representing age/size-structure, represent the dynamics
of an ecosystem (Walters and Martell, 2004).

The link between predator and prey is a key element in Ecosim
and is expressed in the consumption or “flow” rates among linked
biomass pools. Consumption of prey i by predator j is based on
foraging arena theory (Walters and Juanes, 1993), and this is rep-
resented in Ecosim as:

Qij(Bi, Bj) = aijvijBiBj

(2vij + aijBj)
, (3)

where a is the rate of effective search for prey i and v is the behav-
ioral exchange rate between vulnerable and invulnerable prey
pools. Conditional estimates of aij are obtained by solving Eq. (3)
using input values of Bi, Bj, and QBij from Ecopath. The estimates
of aij are conditional on the user-specified value of vij, and this
parameter essentially determines the shape of the predator–prey
functional response; high values of vij (vij > 30) imply a top-down
control or mass-action consumption rates, where as lower val-
ues of vij (1.0 < vij < 15) imply a donor control or type-II functional
response.

2.1. Data and parameter estimation

We described the Delaware Bay ecosystem as comprising 47
biomass pools including 27 fish species, 5 invertebrate groups, 4
multi-species benthic groups, 6 multi-species groups, 3 plankton
groups, 1 shorebird group and 1 marine mammal group. The marsh
habitat was represented by meiofauna, macrofauna and biomass
pools of marsh fishes (Fig. 2). Full details of the estimation proce-
dures for individual parameters for each biomass pool are provided
in Frisk et al. (2006) and are only summarized here.

The network model was developed for expected biomasses
for the reference year 1966. For each biomass pool, estimates of
standing stocks were either taken directly from the literature, or
developed from analysis of raw data. For the principal fish and shell-
fish species, annual production was estimated from reconstructions
of historical biomass and recruitment (stock assessments) and esti-
mated losses from anthropogenic sources. Ecosim can be fitted
to a time series of catches and species abundances alone. How-
ever, without estimates of exploitation rates, Ecosim has little
information to calibrate species or group mortality. In order to
correctly calibrate an Ecosim model, single-species assessments
were needed to estimate a time series of fishing mortality as
well as abundances for at least the ecosystem’s key species. We
developed stock assessments for Atlantic croaker (Micropogonias
undulatus, hereafter croaker), menhaden and bluefish to estimate
times series of exploitation rates (see Frisk et al., 2006 for assess-
ments). In addition, previously published assessments provided
times series of exploitation rates for blue crab and striped bass
(ASMFC, 2004; Kahn and Helser, 2005). We note that an unreal-
istic “knife-edged” increase in striped bass biomass was observed
from the Delaware Department of Natural and Environmental Con-
trol (DNREC) surveys during the 1990s when compared to the
continuous increase (of similar magnitude) derived from the coast-
wide stock assessment (ASMFC, 2004). The coast-wide assessment
was used in place of the DNREC survey for striped bass (ASMFC,
2004).

The dynamics of the Delaware Bay ecosystem were then mod-
eled for the period 1966–2003. Biomass and catches were measured
as wet weight. Time series of species biomass trends were devel-
oped from the DNREC Delaware Bay 30 ft trawl survey for the
full time period. Catch time series for exploited species came
from the National Oceanic Atmospheric Administration’s Fisheries
Statistics Division. The Ecosim model was fitted to all time series
simultaneously during initial model runs. Subsequently, some time
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Fig. 2. Flow diagram created in EwE depicting all biomass pools (circles) and the strength of biomass flows (lines size). In the diagram mig stands for migratory, res for
resident, yoy for young of year and juv for juvenile.

series were removed from the fitting algorithm if there were
concerns that the data were not representative, if sampling meth-
ods did not adequately represent the species abundance trends,
and/or if data were uninformative. The fitted model allowed 40
of the 233 total v values to be adjusted to minimize the model
log sum of squares while the remaining values were assumed
to be v = 2, a middle value between top-down and bottom-up
control.

We note that blue crab landings for 1966–1978 were assumed
to be 0.50 t km−2, the average of 1979–1982, to fill a gap in the
landings time series. Further, the model calculated catches rather
than statistically fitting to observations for American eel, black
drum, dogfish, horseshoe crab, spot, oysters, weakfish, and white
perch. Instead, we opted to subtract the catches over time for these
model groups because time series information on historical fish-
ing mortality rates were not available, nor was there sufficient
information to conduct a single-species stock assessment in order
to estimate the historical fishing mortalities. Thus, these groups
are conditioned on historical catches to ensure sufficient biomass
would have to be present in the system to explain the historical
catch series. This provides a lower bound on the product of the
initial biomass inputs for individual groups and the production-to-
biomass ratio.

2.2. Habitat restoration and system production

Because restoration has occurred, we compared the base sim-
ulation to marsh reduction (non-restoration) simulation in which
the area of salt marsh was reduced by 3–9%. To achieve this, forcing
functions that appropriately alter biomass can be applied to marsh
related groups including meiofauna and macrofauna. We equated
a 3–9% increase in biomass to a 3–9% decrease in the (P:B) ratio
assuming constant production rates (i.e., Z = P:B). Thus, to mimic the
ecosystem state had the restoration not occurred, an annual forc-
ing function was assumed with the intervention occurring between
1996 and 2003. Both base and non-restoration models included
constant marsh meiofauna and macrofauna biomass values from
1966 to 2003; except during 1996 to 2003 in the non-restoration
simulation. This was done to keep models structurally similar
and preliminary runs allowing marsh meiofauna and macro-

fauna to vary resulted in effectively constant predicted biomass
values.

2.3. Ecosystem metrics

Indices reflecting basic system productivity and structure, net-
work analysis and biodiversity were estimated for Delaware Bay.
Basic productivity and structure were assessed by estimating pri-
mary productivity (Pp), total production (P), respiration (R), the
ratio of Pp:R and production to biomass (P:B) ratio. The ratio of
Pp:R provides a measure of system development. The ratio of P:B
provides a measure of ecosystem maturity with larger values being
indicative of a developing system and lower values indicating a
mature system (Odum, 1969; Christensen, 1995). Network analy-
sis was used to estimate the developmental stage, energy flow and
tropic behavior of the ecosystem by estimating total throughput (T),
capacity (C), mean path length (PL), and Finn’s cycling index (FCI)
(Finn, 1976, 1980; Ulanowicz, 1986; Christensen, 1995; Shannon et
al., 2009). Total system throughput measures the size of the ecosys-
tem represented as “flows” (Ulanowicz, 1986). Throughput may
represent a better measure of ecosystem size than biomass as it
accounts for individual species’ parameters such as production, res-
piration and consumption (Ulanowicz, 1986). Capacity measures
the scope for further ecosystem development (Kay et al., 1989) and
is expected to increase as a system matures and provides an upper
limit to ascendancy (Ulanowicz, 1986; Christensen 1995; Cruz-
Escalona et al., 2007). The ratio of ascendancy and capacity was
estimated to provide a measure of the ecosystem’s organization
(Ulanowicz, 1986). Mean path length provides the average num-
ber of “groups that an inflow or outflow passes through” (Finn,
1980; user guide). Finn’s cycling index (FCI) provides a measure
of the proportion of total throughput that is recycled (Finn, 1976)
and indicates system maturity (Christensen, 1995). Kempton’s Q (Q)
index measures the biomass of species with trophic levels greater
than 3, where an increase in the index indicates an increase in upper
level biomass diversity (Kempton and Taylor, 1976; Shannon et al.,
2009).

These ecosystem metrics were calculated for the base model
averaged for all years and compared to the “non-restoration” sim-
ulation for the years 1996–2003. Significant differences between
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the base model and the “non-restoration” simulation were assessed
using a paired, two-sample means t-test.

3. Results

3.1. Ecopath

A balanced Ecopath model of Delaware Bay was achieved
through an iterative process by changing input values until the
model was mass balanced. The iterative approach in balancing an
Ecopath model is, to some extent, subjective, and we acknowl-
edge other users may produce different results. Wherever possible
we used the data pedigree within Ecopath as a guide in model
balancing by first changing highly uncertain parameters, followed
by parameters with tighter confidence levels to reduce potential
subjectivity (Table 1). Dietary patterns are presented by the mag-
nitude of the flows in Fig. 2, and are detailed fully in Frisk et al.
(2006).

3.2. Ecosim

The Ecosim model was fitted to observed biomass trends for
croaker, menhaden, bluefish, clearnose skate, dogfish, horseshoe
crab, spiny dogfish, striped bass and weakfish. Additionally, the
model was fitted to catch time series for croaker, menhaden,
blue crab, bluefish, striped bass and summer flounder. Overall
the base model fitted biomasses and catches with a log sum of
squares = 215.5. The model captured observed values and trends
closely for menhaden and spiny dogfish and to a lesser extent for
croaker, bluefish, horseshoe crab, and striped bass while the ini-
tial observed and predicted biomass levels were not matched for
clearnose skate and in recent years were not matched for weakfish
(Fig. 3). The fitted base model failed to capture the recent increase
in weakfish. The base model captured the dynamics of the fisheries
with predicted and observed catches showing similar trends and
in most cases absolute values for all species; the exceptions being
some spikes in reported landings and initial landings for menhaden,
summer flounder, and blue crab, together with an under estimation
of landings in croaker and in recent years for bluefish (Fig. 4).
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Fig. 3. Observed (dots) and predicted (solid lines) biomass for the Ecosim model for croaker, menhaden, bluefish (adults), clearnose skate, horseshoe crab (adult), spiny
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Table 1
Data pedigree and model inputs for the balanced Ecopath model where B is biomass, P:B is
the ratio of production-to-biomass, Q:B is the ratio of consumption to biomass, diet column
is for pedigree only, EE is ecotrophic efficiency and Catch is measured in t km−2. Color scale
represents the level of confidence in data inputs.

Scale

"sampling based, high precision"

"sampling based, low precision"

"approximate or indirect method"

"guesstimate"

"from other model" 

"estimated by Ecopath"
.

Species B P/B Q/B Diet EE Catch
Alewife 4.000 1.100 8.400
American eel 0.100 2.900 0.500 0.055
American shad 1.050 3.100 0.800
Atlantic croaker 1.400 1.700 3.300 0.000
Atlantic menhaden 26.000 1.100 28.000 5.000
Bay anchovy 2.400 9.700 0.990
Black drum 1.500 0.100 2.200 0.003
Blue crab 1.400 19.078 0.950 0.200
Blueback herring 0.700 6.100 0.990
Bluefish (adults) 0.950 0.800 3.100 0.097
Bluefish (yoy) 0.067 4.700 15.403
Channel catfish 0.012 0.270 1.600
Clearnose skate 0.550 3.800 0.990 0.001
Ctenophores 8.800 0.250
Dogfish (Spiny and smooth) 0.500 0.430 4.770 0.000
Dolphins 0.000 0.130 1.400
Gizzard shad 3.400 0.800 14.500
Horseshoe crab (adults) 2.000 0.600 3.000
Horseshoe crab (eggs) 0.177 6.500 19.634 0.016
Little skate 0.290 0.370 4.400
Littoral fishes 15.000 1.900 20.000
Marsh fishes 1.200 3.650 0.950
Non reef fishes 1.400 1.000 2.000
Other flatfishes 2.800 0.700 10.000
Oyster (adult) 9.600 0.200 2.020 0.248
Oyster (spat) 2.224 6.000 8.819
Reef fishes 3.500 0.800 2.800
Sandbar shark 0.107 0.230 1.400
Shore birds 0.080 0.511 150.000
Spot 5.000 1.000 6.200 0.009
Spotted hake 1.800 0.600 5.100
Striped bass (juv) 0.000 0.461 1.000
Striped bass (mig) 3.313 0.500 2.086 0.030
Striped bass (res) 6.000 0.510 3.643 0.060
Striped bass (yoy) 0.544 6.500 29.631
Summer flounder 0.600 2.600 0.100 0.550
Weakfish 10.000 0.300 3.000 0.210
White perch (adults) 1.000 0.400 3.700 0.031
White perch (yoy) 0.456 3.000 12.716
Meiofauna (marsh) 6000.000 7.100
Meiofauna (benthic) 600.000 1.900
Macrofauna (marsh) 900.000 3.000
Macrofauna (benthic) 2400.000 6.800
Mesoplankton 200.000 25.000
Macroplankton 8.000 0.900
Phytoplankton 60.000 0.950
Detritus 1.000 -92.000 0.000
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Fig. 4. Observed (dots) and predicted (solid lines) catches for the Ecosim model for croaker, menhaden, blue crab, bluefish (adults), striped bass (adults) and summer flounder.

3.3. Total system biomass trends

The base model showed that total standardized biomass for
upper trophic level groups declined during the late 1960s and 1970s
and increased during the 1980s and 1990s (Fig. 5). Lower trophic
level biomass stayed relatively constant throughout the time series.

3.4. Marsh restoration results

Under the base model, the total system biomass summed
from 1996 to 2003 was 39,259 t km−2. Under the “no restora-
tion” simulation the total system biomass from 1996 to 2003 was
=38,877 t km−2, a 1% reduction in total biomass. We reiterate that
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Fig. 5. Predicted total system biomass for the Ecosim model for upper trophic
species including all biomass groups that are not meiofauna, macrofauna, phyto-
plankton or detritus and lower trophic groups including all meiofauna, macrofauna,
phytoplankton and detritus biomass groups.

we did not include biomass groups representing meiofauna (marsh)
and marcofauna (marsh) in the above comparisons in order to mea-
sure the trophic impact of the marsh restoration and not just a
“forced change” in marsh biomass groups. Model estimates indi-
cated that without marsh restoration from 1996 to 2003 the total
system biomass would have been 381.6 t km−2 less than in the pres-
ence of the restoration. Annually, this corresponds to a total system
biomass of 47.7 t km−2 year−1.

Results indicated that system production of biomass realized
by marsh restoration efforts was not evenly distributed among all
trophic groups (Fig. 6). Benthic meiofauna (155.2 t km−2), benthic
macrofauna (93.9 t km−2), phytoplankton (76.2 t km−2) and meso-
zooplankton (25.7 t km−2) benefited most from the restoration in
absolute terms. While the vast majority of biomass groups bene-
fited from marsh restoration, a few biomass groups were impacted
negatively by the marsh restoration. The model resulted in slight
decreases in biomass of marsh fishes, blue crabs, littoral zone forage
fishes, bluefish and American eel.

In addition to the 3% marsh reduction in the “non-restoration”
scenario, we ran simulations for a 6% reduction and a 9% reduction
to account for the uncertainty over the total amount of marsh area
restored. For all of these scenarios, we compared the biomass of
lower trophic level species vs. upper trophic level species (Fig. 7).

3.5. Ecosystem structure

Base model 1966–2003: The average system primary
production was 78,433.0 t km−2 year−1, production aver-
aged 146,376.6 t km−2 year−1 and respiration averaged
124,914.3 t km−2 year−1 (Table 2). The ratio of production-to-
biomass was 12.7 and the ratio of production-to-respiration was
0.6 indicating a system that is developing. Throughput and capacity
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Fig. 6. Proportional gains in upper trophic species biomass groups that would have been lost if restoration efforts were not conducted for all species (A) and percent change
(B). Note the simulation resulted in slight decreases for marsh fishes, blue crabs, littoral zone forage fishes, bluefish and American eel.

were 355,310.3 and 1,390,027.2 t km−2 year−1, respectively. The
A:C ratio for the base model was 21%. Mean path length was 3.1
and FCI was 27.9%. Kempton’s Q index was 6.4.

Comparison of base and marsh reduction simulations: All system
indices were significantly different between the base and the no
restoration simulation for the years 1996–2003, except for primary
production. The base model had higher Pp and P:R values while P,
R, and P:B were all lower compared to the no restoration simula-
tion. The percent change in all cases was less than ±3%, indicating
that at most marsh restoration induced proportional changes in
the structure of the ecosystem. The network analysis indicated the
base simulation had significantly lower values of T and C and a
non-significant decrease in FCI. Mean path length was significantly

higher in the base model indicating greater upper trophic biomass
while the biomass indicators (Kempton’s index, Q) showed a non-
significant decrease.

4. Discussion

Substantial investments have been made to restore 45.5 km2

of wetland habitats in Delaware Bay. Here, using mass-balanced
dynamic models of the Delaware Bay ecosystem, we were able to
quantify for the first time the total ecosystem benefits of marsh
restoration in an estuary. The models were used to quantify the
impacts of marsh restoration on time series of biomass for key
species, of total system biomass and on ecosystem structure. Our
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Table 2
Ecosystem structure was measured with the following indicies (primary production (Pp), total production (P), respiration (R), the ratio of system production and total
biomass (P:B), and the ratio of production and respiration (P:R)); network analsis (throughtput (T), develomental capacity (C), ascendancy (A), average path length (PL), and
Finn’s cycling index (FCI)); and biodiveristy (Kempton’s Q (Q)) where the “base” model (includes marsh restoration) for the peroid 1966–2003, SD is standard deviation,
“restoration” represents the “base” model for the peroid 1996–2003, “no restoration” is the reduced marsh productivty simulation for the peroid 1996–2003, “Diff.” is the
difference between the restoration and no restoration simulations, “Sig.” is the sigfincae of a t-test comparing the mean difference beween restoration and no restoration
similations and %� is percent change.

Base SD Restoration SD No restoration SD Diff. Sig. %�

System indices
Primary production (Pp) 78433.03 362.91 77899.62 342.17 77863.74 349.40 35.89 0.08 0.05
Production (P) 146376.59 368.85 145837.81 353.09 148022.78 345.32 −2184.96 0.00 −1.50
Respiration (R) 124914.31 583.39 125707.92 632.85 129752.48 609.82 −4044.56 0.00 −3.22
Production/biomass ratio 12.68 0.01 12.67 0.01 12.70 0.01 −0.02 0.00 −0.19
Production/respiration (P:R) 0.63 0.01 0.62 0.01 0.60 0.01 0.02 0.00 3.16

Network analysis indices
Throughput (T) 355310.31 975.47 356636.28 1065.69 366930.01 1047.33 −10293.73 0.00 −2.89
Developmental capacity (C) 1390027.17 6923.45 1398850.67 6893.39 1425511.28 6373.35 −26660.61 0.00 −1.91
Path length (PL) 3.07 0.01 3.06 0.01 3.04 0.01 0.02 0.00 0.51
Finn’s cycling index (FCI) 27.94 0.03 27.99 0.02 28.05 0.03 −0.07 0.08 −0.23

Biodiverty
Kempton’s Q (Q) 6.40 0.47 5.97 0.29 6.03 0.35 −0.07 0.06 −1.10

results indicated that a 3% increase in marsh area resulted in a
gain in total ecosystem biomass of 47.7 t km−2 year−1. Further, the
results indicated that in addition to expected benefits that accrued
to groups representing benthic invertebrates, several important
forage and commercially important fish species also benefited
from the restoration including large increases in menhaden, bay
anchovy, and striped bass. Biomass gains were realized by the
majority of species, but gains were not evenly distributed as species
and groups such as macrozooplankton, blueback herring and men-
haden increased over 3% and a few species decreased slightly. We
view the increase in oyster biomass that resulted from the restora-
tion as equally significant, given the well-documented role of this
species as an ecosystem engineer (Newell et al., 2007; Rodney
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Fig. 7. The annual gains in biomass for upper (light grey) vs. lower trophic (dark
grey) levels from restoration for marsh reduction simulations for a 3%, 6% and 9%
reduction in marsh productivity (A) and the ratio of biomass of upper trophic level
species vs. all species (B).

and Paynter, 2006). Model results also indicated that ecosystem
structure was also significantly impacted by the restoration with
increases in the ratio of P:R and average path length (PL).

Previous field studies have documented the local benefits of
marsh restoration efforts in the Delaware Bay. For example, field
studies found that species abundance was greater or equal in
restored sites for blue crabs (Jivoff and Able, 2003), weakfish, spot,
croaker (Nemerson and Able, 2005), and striped bass (Tupper and
Able, 2000). Our model results place these local studies in a broader
context. Model results indicated that croaker, weakfish and spot
all benefited from the restoration. In contrast, model results sug-
gested a slight decline in blue crab abundance, likely a result of
predator–prey interactions. We ran simulations to address the
uncertainty in the total area of wetlands that had been restored
(from the base level of 3% with additional simulations or 6% or 9%).
In all simulations, the estimated biomass lost if restoration efforts
had not taken place increased. Comparisons of the base model and
the “non-restoration” simulation for the years 1996–2003 indi-
cated restoration resulted in significant changes with P:R changing
3.16%�, a −3.22%� decrease in respiration, a −2.9%� decrease in
T and smaller changes in C, P, and PL. Ecological theory suggests
that production is high in immature systems compared to biomass,
and that biomass increases with development (Christensen, 1995).
Thus, the high P:B ratio estimated for Delaware Bay indicates an
immature or developing state. The Pp:R is expected to reach 1.0 for
mature systems and lower values indicate high levels of remineral-
ization and significant organic pollution (Odum, 1971; Christensen,
1995). The estimated Pp:R ratio of 0.63 is very low and out of the
common range reported by Christensen (1995) of 0.8–3.2. Odum
(1971) describes systems with low Pp:R as being characterized as
heterotrophic and relying on imported organic matter. This result
is not surprising considering Delaware Bay has a long history of
nutrient enrichment and reduced nitrogen and carbon from sewage
effluents (Sharp, 2010). Based on the P:B and Pp:R values Delaware
Bay can be characterized as an immature system with significant
organic inputs. The results of our simulations indicated that the
restoration efforts decreased the P:B ratio, but only by −0.19%�,
while the Pp:R ratio increased 3.16%�.

The ratio of A:C for an ecosystem provides a measure of its
organization. The Delaware Bay A:C estimate of 21% indicates the
system is relatively disorganized. Simulations indicated that the
marsh restoration did not result in meaningful changes to the
ratio. The Delaware Bay ratio is low compared to the Chesapeake
Bay, MD (29.7%, Monaco and Ulanowicz, 1997), Narragansett Bay,
RI (31.6%, Monaco and Ulanowicz, 1997) and previous estimates
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for the Delaware Bay (31.2, Monaco and Ulanowicz, 1997). Differ-
ences in previous estimates for Delaware Bay and other systems
can result, in part, from different approaches to model develop-
ment including model organization level and structure. However,
given the present analysis Delaware Bay is not near its theoreti-
cal capacity for development and is in an immature or developing
state.

Path length (PL) was significantly higher in the base model com-
pared to the “non-restoration” simulation. As systems mature PL
is expected to increase suggesting that restoration has maintained,
or slightly increased, the diversity of flows between trophic groups.
Kempton’s Q indicated that upper level trophic diversity was higher
in the “non-restoration” simulation, although not substantially.
This slight decrease in Q in the base simulation may have resulted
from the uneven impacts of restoration on species leading to a
shift in biomass within upper trophic species. For example, benthic
macrofauna, summer flounder, striped bass adults and migratory
striped bass benefited the most from marsh restoration, while
other predators such as bluefish, blue crab and marsh macrofauna
declined. The decrease of 1.09% in upper trophic level diversity
associated with marsh restoration may not signify a shift in overall
diversity, but a relative redistribution of species biomasses result-
ing from structural changes following restoration.

Finn’s cycling index measures the proportion of a system’s activ-
ity that is recycled (Finn, 1976; Rybarczyk and Elkaim, 2003). Odum
(1971) argued that mature, highly organized systems, will have a
high proportion of recycling and the index is commonly used as a
measure of ecosystem development (Rybarczyk and Elkaim, 2003).
The Delaware Bay estimate of 27.94% indicates the system recycles
flows in a similar proportion to the Chesapeake Bay (24.1%, Monaco
and Ulanowicz, 1997) but less than for Narragansett Bay, RI (48.2%,
Monaco and Ulanowicz, 1997) and for previous estimates for the
Delaware Bay (37.3%, Monaco and Ulanowicz, 1997). Here again
the results indicate the system is not highly organized. Further, the
“non-restoration simulation” did not result in meaningful changes
to the proportion of total flows being recycled in the Bay.

Ecosystem models commonly have many unique but different
parameter combinations that would explain the data equally well.
Our main objective in fitting the Ecosim model to the observed
time series (annual abundance and catch estimates, etc.) was to
develop a parsimonious parameter set that, to the extent possi-
ble, reduced the uncertainty associated with our findings. Overall,
our Ecosim model captured the dynamics of the system reason-
ably well, fitting the time series of biomass for 8 species and time
series of catches for 6 species. The lack of fit in predicted biomass
in recent years for several species can result from many factors
including errors in catch and biomass (cpue) estimates or ecologi-
cal factors not captured in current model structure (i.e., changes in
movement patterns or diet preferences). Although optimal fits to
catch data were not achieved in all cases, overall trends matched
well and biomass estimates were well fit in most cases.

All models fail to capture the full dynamics of an ecosystem. Here
we have defined boundaries, parameter estimates and used the
software Ecopath with Ecosim to develop an ecosystem model of
Delaware Bay. While this model represents an attempt to describe
the dynamics of the Delaware Bay ecosystem it also highlights
many of the areas needed for future modeling attempts. Model-
ing the food web dynamics of estuarine ecosystems is challenging
since many species spend only part of their life-history within the
defined “ecosystem boundaries.” Many of the species spend large
portions of their life cycle outside the defined boundaries including
menhaden, croaker, bluefish, striped bass, and weakfish. Our sim-
ulations addressed these migrations by either assuming a fraction
of the mortality for each species was accrued outside the system
or by defining a stanza that represents the period that the species
was outside the ecosystem. In many cases definitions of the time

spent in and out of the system were imprecise, thereby adding
uncertainty to the model structure and parameterization. Finally,
uncertainty arises in the paucity of species biomass data estimated
in the Delaware Bay ecosystem itself. Much of the data that went
into the Ecopath parameter estimates came from research con-
ducted in the Delaware Bay ecosystem; however, many parameter
estimates were taken from research conducted in other ecosystems
such as the Chesapeake Bay. Using data values from other systems
and models adds uncertainty to parameter inputs for the Delaware
Bay model.

A commonly held view is that restoration efforts increase
species biodiversity and, as a result, ecosystem health. Odum (1971)
argued that ecosystems develop by increasing complexity, inter-
nalizing flows and increasing in size and complexity. Further, he
articulated the negative impacts organic pollution can have on the
structure and flows of ecosystems reducing systems to an earlier
successional stage. The associated concepts of system maturity and
ecosystem stability have been the subject of decades of debate with
some authors arguing that mature systems are more stable (i.e.,
Odum, 1971; many others); while other have suggested imma-
ture systems show higher stability (i.e., Pimm, 1984, many others).
Recently, Worm et al. (2006) conducted a meta-analysis that did
demonstrate advantages to biodiversity in fishery ecosystems.
However, Ulanowicz (2003) points out that “worldwide efforts to
preserve biodiversity have transpired largely in the absence of a
theoretical justification” and offers the concept of ascendency to
relate diversity and stability. In the current effort, it was not our
intent to enter this debate; but instead, to use existing ecosystem
metrics developed for the Delaware Bay to measure the response
of an ecosystem to restoration. We estimated several ecosystem
metrics that can be compared between the base model and the
no restoration simulations to measure the impacts of restoring the
marsh habitat in Delaware Bay. Our results indicated that restor-
ing marsh habitat likely resulted in increased system biomass and
changed the structural composition of the Delaware Bay ecosystem
potentially increasing its long-term health and stability.
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